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a b s t r a c t
Urban aquatic ecosystems are often overlooked in toxicological studies even though they serve many ecosystem
functions and sustain ﬁsh populations despite large-scale habitat alterations. However, urban ﬁsh populations
are likely exposed to a broad range of stressors, including environmental estrogens (EEs) that may affect anatomy, physiology and reproduction of exposed ﬁsh. Although signiﬁcant progress has been made in establishing
ecological consequences of EE exposure, these studies have focused largely on hydrologically simple systems
that lack the complexity of urban aquatic environments. Therefore, the objective of this study was to assess the
occurrence and biological effects of EEs across a large urbanized aquatic ecosystem. A multi-pronged study design
was employed relying on quantitative determination of select EEs by liquid chromatography tandem mass
spectrometry and repeated biological monitoring of wild-caught and caged ﬁsh for indications of endocrine disruption. Over three years, EEs were measured in aqueous samples (n = 42 samples) and biological effects
assessed in N1200 male ﬁsh across the 2000 km2 aquatic ecosystems of the Greater Metropolitan Area of Chicago,
IL. Our study demonstrated that in addition to water reclamation plant (WRP) efﬂuents, non-WRP sources contribute signiﬁcant EE loads to the aquatic ecosystem. While resident and caged male ﬁsh responded with the induction of the egg-yolk protein vitellogenin, an indicator of EE exposure, neither resident nor caged sunﬁsh
exhibited prevalent histopathological changes to their reproductive organs (i.e., intersex) that have been reported in other studies. Vitellogenin induction was greater in spring than the fall and was not correlated with body
condition factor, gonadosomatic index or hepatosomatic index. Exposure effects were not correlated with sites
downstream of treated efﬂuent discharge further afﬁrming the complexity of sources and effects of EEs in
urban aquatic ecosystems.
© 2013 Elsevier Ltd. All rights reserved.

1. Introduction
Urbanization during and since the Industrial Revolution of the 19th
century has resulted in profoundly altered and highly degraded aquatic
ecosystems in population centers through engineered hydrology and
discharge of pollutants. Advancements in pollutant control have reversed some of these effects and in some instances resulted in the dramatic comeback of aquatic ecosystems, including the return of annual
spawning migrations of salmon in the Rhine river (Froehlich-Schmitt,
2004). Another example is the rehabilitation of the Cuyahoga River
near Cleveland, Ohio which now sustains over 70 ﬁsh species
(Cuyahoga River Remedial Action Plan State of the River Report, 2001)
after being void of ﬁsh in the 1960s when it famously and repeatedly
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caught on ﬁre (Cleveland Plain Dealer, 1969). As municipalities expanded water treatment capacity to reduce primary sources of pollution,
such as the discharge of raw sewage and industrial efﬂuent, they inadvertently created concentrated point sources for pollutants such as
pharmaceuticals and personal care products, including environmental
estrogens (EEs) and their metabolites, to enter the aquatic environment
(e.g., Glassmeyer et al., 2005; Kolpin et al., 2002; Vajda et al., 2008). Although much has been learned in the past century about the adverse environmental effects of many legacy pollutants such as heavy metals
(Klerks and Weis, 1987), organochlorine pesticides (Maroni et al.,
2000), and polychlorinated biphenyls (Brouwer et al., 1999), which
are often found in urban areas, much less is known about the impacts
of EEs, especially their effects in urban aquatic ecosystems.
Assessing the effects of EEs has usually focused on riverine systems
with upstream–downstream gradients and identiﬁable point sources
of EEs (Barber et al., 2007, 2011a; Dyer and Wang, 2002; Iwanowicz
et al., 2009; Jeffries et al., 2010; Jobling et al., 1998; Slye et al., 2011;
Tanna et al., 2013; Tetreault et al., 2012; Vajda et al., 2011; Waiser
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et al., 2011). Targeted sampling designs (Barber et al., 2011a) and theoretical approaches (Dyer et al., 2000; Sumpter et al., 2006) have been
developed to aid in the assessment of EEs in these systems while acknowledging the complexity of these investigations (Sumpter et al.,
2006). Previous studies have recognized that efﬂuent dominated aquatic habitats may present worst-case scenarios for the exposure of aquatic
life to EEs (Brooks et al., 2006; Diamond and Daley, 2000; Slye et al.,
2011). Indeed, urban aquatic systems are often extensively engineered,
creating complex hydrological conditions that do not ﬁt into the
existing upstream/downstream paradigm of point source pollution.
Consequently, knowledge gained from the study of rural riverine systems may provide only limited insight into the environmental occurrence and biological effects of EEs in urban environments (Dyer and
Wang, 2002). Further complicating our understanding of the effects of
EEs on aquatic life in urban systems are the selective pressures acting
on populations of organisms having resided for many generations in
historically exposed urban environments (Gilpin and Soulé, 1986;
Theodorakis, 2003; Wymore et al., 2011).
The present study investigated the occurrence of EEs in one of the
largest urban population centers in North America, the Chicago metropolitan area (Fig. 1). The Chicago Area Waterways (CAWs) receive treated municipal wastewater efﬂuents from seven water reclamation plants
(WRPs — also referred to as wastewater treatment plants or sewage
treatment works; including the largest WRP in the world and two substantial urban WRPs), nearly 400 gravity Combined Sewer Overﬂows
(CSOs), ﬁve major CSO pumping stations, direct diversions from Lake
Michigan, and several tributary streams. The expansive network of
waterways in the CAWs can roughly be divided in general use waters
of urban streams and rivers where any efﬂuent discharge requires disinfection, and secondary contact waters found in the man-made navigable
canal system in the Chicago and Calumet Rivers where efﬂuent disinfection is not required. The secondary contact waters are predominately
made up of 125 km of canals where no waterway existed previously
and the remainder of the natural streams have been deepened, straightened and/or widened to such an extent that reversion to the natural
state is not possible. There is little to no gradient in this system and
the ﬂow contained in this 2000 km2 watershed is managed by one
outlet structure, the Lockport Powerhouse and Lock (Lockport, IL).
Over 70% of the annual ﬂow in the Chicago and Calumet River systems
comes from the discharge of treated municipal wastewater efﬂuent,
approaching 100% ﬂow during the winter months. Previous studies of
one of these man-made channels (North Shore Channel) suggest the
discharge of EEs into the aquatic environment with a potential to disrupt the health of ﬁsh populations (Barber et al., 2011b; Lozano et al.,
2012; Minarik et al., in press). Legacy sediments from years of industrial
operations can also be found throughout the CAWs, which add to the
complexity of this aquatic ecosystem.
Therefore, the objective of this study was to assess the occurrence
and biological effects of EEs across a large urbanized aquatic ecosystem
over multiple seasons and years. To meet our objective, a multi-pronged
study design was developed relying on existing water quality monitoring, coupled with in vitro total estrogenicity assays (Martinovic-Weigelt
et al., 2013–this issue), quantiﬁcation of select EEs, and repeated biological monitoring of wild-caught and caged ﬁsh for indications of endocrine disruption. Together, these approaches tested the hypothesis
that EEs are present throughout the CAWs and affect resident ﬁsh populations in a complex spatial and temporal pattern that does not follow
a traditional upstream–downstream paradigm.
2. Materials and methods
2.1. Study sites
Thirteen study sites, representing general use and secondary contact
waters across the CAWs, were selected for this study based on the presence of large WRPs, previous studies (e.g. Barber et al., 2011b; Minarik
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et al., in press), coverage of a representative sample of the CAWs, ongoing water analysis efforts, and logistical considerations (Fig. 1). Field
sites represent large drainage areas of this urban ecosystem and include
sites bracketing the four largest WRPs in the system.
Salt Creek, a tributary of the Des Plaines River was studied in greater
detail as a representative of an urban stream receiving treated efﬂuent
from the Egan WRP. The efﬂuent outfall was separated from the
upstream sampling site (Busse Lake) by a dam preventing migration between these sites. Two downstream sampling sites were located approximately 2500 m and 10,000 m downstream of the outfall (Devon
and Wolf, respectively). Also sampled were the Chicago and Little
Calumet Rivers systems, which have both been altered dramatically to
allow for commercial barge trafﬁc and greater hydrological control.
The north branch of the Chicago River receives much of its ﬂow from
the North Shore Channel, which in turn carries treated wastewater efﬂuent from the Terrence J. O'Brien WRP. The O'Brien WRP efﬂuent and
two ﬁeld sites (Oakton — 600 m upstream, Touhy — 1200 m downstream) bracketing the discharge were sampled. It is important to
note that the ﬂow of the south branch of the Chicago River has been
reversed and that all water from the north branch and main branch
Chicago River now ﬂows “upstream” through the south branch and
into the man-made Chicago Sanitary & Ship Canal (Fig. 1). The Chicago Sanitary & Ship Canal receives treated efﬂuent from the Stickney
WRP and sampling sites were established on either side of the outfall
(Cicero — 2200 m upstream, Harlem — 2600 m downstream). Sampling sites on the Chicago Sanitary & Ship Canal were only added to
the study in 2010. The Chicago Sanitary & Ship Canal joins the Calumet–Sag Channel, which receives treated efﬂuent from the Calumet
WRP and water from the Little Calumet River. Sampling sites
(Indiana — 1700 m, Halsted — 2000 m) on either side of the Calumet
WRP were established. Finally, a sampling site at the junction of the Chicago Sanitary & Ship Canal and the Calumet–Sag Channel (SEPA 5) was
included to represent the totality of water exiting the CAWs.
2.2. Resident ﬁsh collections
Resident male ﬁsh (bluegill and pumpkinseed sunﬁsh, carp) were
collected from the vicinity of each ﬁeld site in spring 2009 and spring
2010 using a Smith-Root (Vancouver, WA) electro-shocking boat. Carp
(Cyprinus carpio) were selected as they are abundant in this environment and have been studied in several ﬁeld studies of EEs (Hinck
et al., 2009; Schmitt et al., 2005; Solé et al., 2002, 2003). Sunﬁsh were selected as a common native ﬁsh that has high site ﬁdelity during the
spring when males guard nests sites (Bartlett et al., 2010; Paukert
et al., 2004). Resident ﬁsh collections coincided with the sunﬁsh reproductive season and may have limited male sunﬁsh movement in and out
of the efﬂuent impact zones as a confounding factor. An attempt was
made to collect 20 male sunﬁsh and 20 male carp at each site in spring
2009 and 2010 (Chicago Sanitary & Ship Canal 2010 only) to capture a
representative sample following the environmental effects monitoring
established by Environment Canada for pulp and paper mill efﬂuent
(Water et al., 2005). Although sunﬁsh are common in the aquatic environment subject to this study, the abundance of each species often differs widely between sites and collection events. As a consequence, we
elected to combine the two most commonly found sunﬁsh species,
bluegill (Lepomis macrochirus) and pumpkinseed sunﬁsh (Lepomis
gibbosus) for the analysis of the effects of EEs on resident sunﬁsh. This
compromise in the experimental design, while dictated by logistical
constraints common to most ﬁeld studies, was offset by the resultant
greater sample size and justiﬁed by the shared habitat of these two species, their phylogenetic closeness (Avise and Saunders, 1984; Harris
et al., 2005) their frequent hybridization (Avise and Saunders, 1984;
Davies et al., 2012) and the fertile condition of hybrid offspring (Lagler
and Steinmetz, 1957). Carp were processed on site, while resident sunﬁsh were placed in aerated coolers and returned to nearby laboratory
facilities (within 3 h) for further processing as their smaller organ size
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Fig. 1. Map of the Chicago area waterways (CAWs) with study sites at which resident ﬁsh were collected, hatchery-reared ﬁsh were caged and water samples were collected concurrently.
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required analytical balances not suited for ﬁeld-deployment. Carp were
euthanized by a sharp blow to the skull. Blood was taken from the caudal vasculature via syringe and transferred into heparinized vacutainers,
stored on ice during transport to the laboratory (b 6 h), and centrifuged
at 5000 g for 8 min at 4 °C to separate plasma. Liver and reproductive
organs (testis, ovary) were excised and weighed. Representative tissue
samples (anterior, middle, posterior 1/3 of each organ) approximately
3 mm3 were collected from each organ and placed into histology specimen cassettes, immersed in 10% neutral buffered formalin, and shipped
to St. Cloud State University for histological processing. Sunﬁsh were
anesthetized using MS 222 in the laboratory prior to blood collection
from the caudal vasculature. All other procedures were similar to
those described for carp. Plasma samples were shipped on dry ice to
St. Cloud State University and stored at −80 °C until analysis. Animal
care and use protocols were approved by the St. Cloud State University
Institutional Animal Care and Use Committee (IACUC protocol # 0708).
2.3. Caged ﬁsh exposures
Similar to other studies using caged ﬁsh as sentinels for environmental exposures in aquatic environments (Crago et al., 2011; Hanson and
Larsson, 2010; Nakari, 2004; Writer et al., 2010), caged ﬁsh were
deployed at all ﬁeld sites to gain a more controlled sample of exposed
ﬁsh across the CAWs. Hatchery reared, mature bluegill sunﬁsh (3–5″
in length; Keystone Fish Hatchery, IL) were caged at multiple sites in
the CAWs in fall 2009, spring and fall 2010, and spring 2011. The spring
2010 caging effort coincided with resident ﬁsh collections at the same
sites. Fish were transported in aerated coolers from the hatchery to a
ﬁsh holding facility and acclimated to ambient environmental water
temperature (approx. 18 °C). Groups of 40 ﬁsh were then moved to
the ﬁeld sites in aerated coolers, placed in cylindrical cages made of
plastic mesh reinforced with PVC pipe (1 m length × 0.4 m diameter)
and anchored to the bottom of the respective waterway, ensuring that
the ﬁsh cage was in direct contact with the bottom sediment. Fish
were deployed for approximately 14 days before retrieval. After retrieving the cages, ﬁsh were placed in aerated coolers and moved back to the
laboratory facilities within 3 h for processing as described for resident
sunﬁsh (see above).
2.4. Water collection, extraction, and analysis by liquid
chromatography–mass spectrometry
Grab-water samples were collected during caged ﬁsh deployment.
Three 1 L amber wide mouth glass bottles were ﬁlled with unﬁltered
water, immediately cooled to 4 °C and shipped on ice to the College of
Wooster for analysis of EEs. The aqueous samples were divided and
500 mL samples were ﬁltered with Whatman size 1 ﬁlter paper
(Piscataway, NJ), acidiﬁed to pH = 3 with a formic acid/ammonium
formate buffer, and spiked with known amounts of the labeled surrogate 17β-estradiol-d4 (CDN Isotopes, N 98%). The Waters Oasis® HLB
0.5 g, 6 mL solid-phase extraction cartridges (Milford, MA) were conditioned by ﬁrst wetting the sorbent with 3 mL of methyl t-butyl ether
(MTBE), followed by 3 mL of methanol (MeOH), and ﬁnally 3 mL of
water. The 500 mL ﬁltered, acidiﬁed sample then was added to the cartridge at a ﬂow rate of approximately 15 mL per minute. The cartridge
was then washed with 3 mL of 40% MeOH, followed by 3 mL of water,
and then 3 mL of 10% MeOH in 2% NH4OH. The analytes of interest
were eluted from the cartridge with 6 mL 10% MeOH in MTBE. The
6 mL extract then was evaporated under a stream of nitrogen to dryness. The dried extract was spiked with a known amount of the internal
standard bisphenol-A d16 (Supelco Analytical, St. Louis, MO; N 98%) and
reconstituted with 50:50 v/v acetonitrile/ammonium formate buffer
(pH = 3) to 500 μL.
The sample extracts were separated by an Agilent 1200 LC (Palo Alto,
CA). A 3.5 μm, 3.0 × 150 mm Eclipse XDB-C18 column (Agilent) was
used for all separations. The injection volume was 70 μL followed by a
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5 s needle wash with MeOH. Chromatographic parameters were controlled and data was obtained through the Agilent Masshunter Workstation Data Acquisition program. The LC solvents were ultra-pure
water and MeOH, and the ﬂow rate was 250 μL/min. The gradient was
as follows: 0 min — 60% methanol; 10 min — 100%; 18 min — 100%;
20 min — 40%; and 23 min — 40%. The LC was directly interfaced to
the electrospray ionization (ESI) source coupled to an Agilent 6410
Triple Quadrupole. The ion source was operated in negative ESI mode
and multiple-reaction-monitoring (MRM) transition mode was used
for sample analysis. Two MRM transitions, a quantitation ion and a qualitative (conﬁrmation) ion, were acquired for each EE (Table 1).
In order to allow for a more comprehensive comparison of estrogenic activity, estradiol equivalency values (EEQs) were derived from the
average concentrations for each compound and at each site. EEQs
were based on those reported in the literature (Brian et al., 2005;
Dammann et al., 2011; Gutendorf and Westendorf, 2001; Metcalfe
et al., 2001; Van den Belt et al., 2004). Due to the divergent nature of
values reported in the literature, we calculated both a mean EEQ for
each compound based on the average of all EEQs reported for this compound and a maximum EEQ based on the highest reported EEQ (Table 2).
2.5. Assessment of biological endpoints
2.5.1. Body indices
Whole body weights were measured for each ﬁsh (0.01 g precision,
Acculab Vicon, Edgewood, NY). Gonads and livers from each ﬁsh were
excised and immediately weighed (0.001 g precision, Mettler Toledo
AG245, Columbus, OH). Liver and whole body weights were used to
calculate the hepatosomatic index (HSI = liver weight/whole body
weight × 100). Gonad and whole body weights were used to calculate
the gonadosomatic index (GSI = gonad weight/whole body weight ×
100). Body weight and total length was used to calculate the body
condition factor (BCF = body weight/total length3), a measure of the
overall metabolic condition of the ﬁsh (Fulton, 1904).
2.5.2. Plasma vitellogenin analysis
Plasma vitellogenin was measured by antibody-capture competitive
ELISA incorporating a species-validated anti-vitellogenin antibody and
puriﬁed vitellogenin as standard (Cheek et al., 2004; Parks et al.,
1999). Polyclonal antisera were produced by ProSci Inc. (San Diego,
CA) from puriﬁed female bluegill sunﬁsh and carp plasma vitellogenin,
respectively. The procedure was similar for both species using speciesvalidated polyclonal anti-sunﬁsh/anti-carp vitellogenin antibody (respectively) and puriﬁed sunﬁsh/carp vitellogenin (respectively). Microtiter plate wells were coated with 600 ng species-validated vitellogenin
in carbonate coating buffer (pH 9.6). A pre-competition step was
performed with the antibody (1:20,000 ﬁnal dilution) and either standard vitellogenin, sample plasma or control plasma in 1% BSA/PBS
(pH 7.5). After incubation this mixture was loaded into the wells and incubated at room temperature for 1 h, followed by secondary antibody
(anti-rabbit IgG-HRP, Sigma-Aldrich, St. Louis, MO) at a concentration
of 1:10,000. The substrate tetramethylbenzidine (TMB) was added
and incubated for 20 min at room temperature and color development

Table 1
The precursor and product ions of the target EEs measured by tandem mass spectrometry
using multiple-reaction-monitoring.
Compound

Formula
weight

Precursor
ion (m/z)

Quantitative
ion (m/z)

Qualitative
ion (m/z)

Estriol
Bisphenol-A
17α-Ethinylestradiol
17α-Estradiol
17β-Estradiol
Estrone
4-n-Nonylphenol

288.4
228.3
296.4
272.4
272.4
270.4
266.3

287.3
227.2
295.5
271.3
271.3
269.2
219.3

144.9
133.0
145.1
145.2
145.2
144.8
106.0

171.1
210.8
199.5
183.1
183.1
143.0
118.7
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Table 2
Chemical concentrations (ng/L) ± standard deviation and calculated estradiol equivalency values (EEQ) measured in the Chicago area waterways. Differences in sample size (n) are due to
the addition of new sites during the study (see Table 3 for more information).

Salt Creek

mean EEQ
max EEQ

E1
0.2a
0.8a

E2α
0.125b
0.125b

E2β
1
1

E3
0.037c
0.4b

EE2
1.2a,d
33a

NP
0.000053e
0.0036e

Bis-A
0.000025d
0.0026d

∑ EEQ
mean

Higgins Road

0.2 ± .4
(4)
2.4 ± 2.5
(3)
1.1 ± 1.2
(3)
0.05 ± 0.1
(4)
1.1 ± 1.1
(3)
1.3 ± 1.7
(4)
1.6
(2)
0.23 ± 0.4
(3)
1.3 ± 0.64
(2)
1.7 ± 2.2
(4)
1.5 ± 1.1
(4)
3.6 ± 4.5
(4)
1 ± 1.5
(3)

0.13 ± 0.13
(4)
1.3 ± 1.1
(3)
0.73 ± 1.1
(3)
0.18 ± 0.35
(4)
0.73 ± 0.75
(3)
1.5 ± 2.1
(4)
5.6
(2)
2.2 ± 3.8
(3)
4.7 ± 1.4
(2)
1 ± 0.81
(4)
1.6 ± 1.4
(4)
1.3 ± 1.8
(4)
2.1 ± 2.4
(3)

0.13 ± 0.13
(4)
1.2 ± 1.6
(3)
1.4 ± 2.2
(3)
0.18 ± 0.21
(4)
0.63 ± 0.71
(3)
2.2 ± 3.6
(4)
5.2 ± 4
(2)
0.9 ± 1.6
(3)
2.7 ± 0.78
(2)
1.5 ± 1.6
(4)
1.2 ± 1.3
(4)
0.85 ± 1.5
(4)
1.5 ± 1.7
(3)

0.38 ± 0.49
(4)
7.8 ± 8.5
(3)
34 ± 55
(3)
4.9 ± 9.4
(4)
43 ± 66
(3)
15 ± 27
(4)
2.1 ± 29
(2)
45 ± 74
(3)
18 ± 13
(2)
13 ± 12
(4)
12 ± 17
(4)
35 ± 39
(4)
28 ± 31
(3)

0.125 ± 0.25
(4)
0.03 ± 0.058
(3)
0.4 ± 0.53
(3)
0
(4)
0.43 ± 0.4
(3)
0.45 ± 0.54
(4)
1.2 ± 0.92
(2)
0.1 ± 0.17
(3)
0.65 ± 0.64
(2)
0.28 ± 0.28
(4)
0.58 ± 0.46
(4)
0.5 ± 0.58
(4)
0.43 ± 0.59
(3)

196.5 ± 330
(4)
1307 ± 728
(3)
413 ± 238
(3)
702 ± 1208
(4)
1986 ± 1503
(3)
1018 ± 872
(4)
817 ± 863
(2)
1718 ± 1309
(3)
1320 ± 1635
(2)
1136 ± 1815
(4)
876 ± 660
(4)
314 ± 415
(4)
458 ± 437
(3)

2.7 ± 4.1
(4)
55 ± 70
(3)
73 ± 107
(3)
31 ± 34
(4)
183 ± 246
(3)
258 ± 370
(4)
15
(2)
181 ± 124
(3)
70 ± 74
(2)
283 ± 403
(4)
178 ± 197
(4)
37 ± 37
(4)
50 ± 39
(3)

0.36

5.3

2.24

12.25

3.47

30.85

0.43

4.81

3.16

40.62

3.8

27.95

7.78

50.6

3.1

29.31

5.07

37.91

2.85

22.25

2.89

30.16

3.65

35.62

3.54

29.73

Egan WRP
Wolf Rd
North-Shore Channel

Oakton
O'Brien WRP
Touhy

Chicago Sanitary & Ship Canal

Cicero
Stickney WRP
Harlem

Little Calumet River

Indiana
Calumet WRP
Halsted
Sepa 5

∑ EEQ
max

If the individual chemicals were not detected, a value of 0 was assigned. If applicable, the 0 value was included in the mean determination.
a
Van den Belt et al. (2004).
b
Dammann et al. (2011).
c
Metcalfe et al. (2001).
d
Gutendorf and Westendorf (2001) .
e
Brian et al. (2005).

measured at 620 nm on a Thermo Multiscan plate reader (Waltham,
MA). The standard curve plots generated r-squared values above 0.97,
with the majority at 0.99, using at least seven standard concentrations
ranging from 4.8 to 0.075 μg/mL. Each plate contained a set of standards
for curve generation, and was read precisely at 20 min post-TMB addition. The minimum detection limit utilizing this standard curve was
3.75 μg/mL. For statistical purposes only, samples below the lower
detection limits were given a value of 1/2 the lower detection limit
(=1.88 μg/mL).

As described in Section 2.2, we combined bluegill and pumpkinseed
sunﬁsh for assessment of EE effects on resident ﬁsh. Consequently plasma samples from both species were randomized across ELISA plates and
analysis days to minimize the effects of inter-assay variability. A high degree of homology within monophyletic taxa has been reported for the
vitellogenin gene of at least three monophyletic taxa: the order
cypriniformes (Biales et al., 2007), the genus Mugil (Barucca et al.,
2006), and the genus Micropterus (Biales et al., 2007). Given these
data, it is likely that the antibody-capture competitive ELISA

Table 3
Summary of ﬁsh collected for this study. Not all ﬁsh collected were included in all analyses due to missing values or statistical considerations as described in the manuscript.
2009

Salt Creek

N. Shore Channel

Sanitary & Ship Canal

Little Calumet River

Busse Lake
Egan WRP/Devon
Wolf
Oakton
O'Brien WRP
Touhy
Cicero
Sticky WRP
Harlem
Indiana
Calumet WRP
Halsted
SEPA 5
Baseline

2010

2011

Spring

Fall

Spring

Resident

Caged

Caged

Resident

Fall

SUM

Spring

Caged

Caged

Sunﬁsh

Carp

Sunﬁsh

Sunﬁsh

Sunﬁsh

Carp

Sunﬁsh

Sunﬁsh

18
15

18

19
10
22

9
15
10

13
12

14

22

18

23

16

13
11
17
15

19
19
16
19

123
82
65
103

10

16

19

6
10

15
28

15
21

14

16

12
12

12
20

13
5
4
4
14
13

17
4

12
13

12
5
23
27
20

21
17

14
23

18
17
13
10
16
19
19
18
6

26
18
20
15
17
21
27
15
20

125
94
33
67
96
49
132
147
59
1217
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incorporating a species-validated anti-vitellogenin antibody and puriﬁed vitellogenin as standard would perform well for both bluegill and
pumpkinseed sunﬁsh.

residuals, hat values, and Cooks D statistics were produced for each
case and standard criteria were used for exclusion of multivariate outliers and inﬂuential cases from regression analysis.

2.5.3. Histopathology
Tissue samples were ﬁxed for 1 week, dehydrated through a series
of ethanol and xylene baths in a Leica automated tissue processor TP
1050 (Leica, Wetzlar, Germany) and embedded in parafﬁn using a Thermo Scientiﬁc Microm EC 350-1 embedding station (Waltham, MA). Embedded tissues were sectioned at approximately 1/3 and 2/3 of the
depth of the sample (resulting in tissue slices ~ 100 μm apart) using a
Reichert-Jung cassette microtome (Leica, Wetzlar, Germany; 4 μm sections). At least 6 sections from each organ (gonad, liver) were stained
using standard hematoxylin and eosin techniques (Carson, 1997;
Gabe, 1976) in a Leica Autostainer XL similar to methods used in other
histopathological studies (Barber et al., 2011b; Kidd et al., 2007; Vajda
et al., 2008). Blazer et al. (2007) demonstrated that a central location
and a greater number of tissue sections taken from the testis of
smallmouth bass were positively correlated with the probability to detect intersex in this organ. However, Blazer et al. (2007) also noted
that the greater likelihood of ovarian tissues in the central portion of
the testis may not be consistent across species. Given the lack of this
information for our target species we elected to use a conservative
approach and examine a total of six sections across three tissue samples
of the testis. Histological sections were assessed by an experienced
histologist (HLS) and ranked on a semi-quantitative scale (0–4) for
vacuolization of liver hepatocytes (0 no vacuoles visible; 1 b5% of total
area; 2 vacuoles small but throughout image b25% of area; 3 broad
presence of large vacuoles 25%–50% of area; 4 N50% of area vacuolated)
and the presence/absence of eosinic staining/proteinaceous ﬂuid. The
developmental stage of the gonad (testis or ovary) was also ranked on
a semi-quantitative scale of 0–4 (adapted after Blazer, 2002; see also
Writer et al., 2010). Randomly selected slides were ranked for a second
time to determine between analysis variance, which was found to be
less than 1%.

3. Results

2.6. Statistical analysis
Vitellogenin was found to be highly right-skewed and leptokurtotic
(e.g., log-normal) for all species/types. Consequently, vitellogenin data
was transformed using a log10 transformation in order to improve the
normality of the vitellogenin distributions. Exploratory descriptive and
graphical analysis was performed on log transformed plasma vitellogenin concentration. Log10 transformation of vitellogenin yielded
skewness and kurtosis coefﬁcients in acceptable ranges. Tests of normality indicate that log transformed plasma vitellogenin distribution
is not signiﬁcantly different from normal for these two species/types.
All inferential analyses were conducted using ANOVA with Tukey's
post hoc test.
To explore whether plasma vitellogenin concentrations in male ﬁsh
trend in a meaningful way with other variables more closely related to
ﬁsh health (BCF, GSI) and reproductive condition (GSI, testis development) we used the assessment residual analysis for multiple regression
of vitellogenin against somatic indices, all assumptions were met
through log transformation of vitellogenin and outlier elimination. SAS
(Cary, NC, USA) was used to generate a multiple regression equation
to model the removal of signiﬁcant outliers, and log10 transformation
of vitellogenin (Log10VTG). Group-wise comparisons of vitellogenin
were conducted using ANOVA with Tukey's post hoc tests. Predictive
trends were investigated using multiple regression.
Univariate analyses were conducted to identify potential outliers. As
a result of such analyses, three cases were excluded from further analysis as they could not be explained or justiﬁed using the body condition
factor as a reference point for overall ﬁsh health. Additionally, multivariate analyses were conducted to identify multivariate outliers prior to
interpretation of multiple regression results. Standardized deleted

3.1. Water chemistry and estradiol equivalency values (EEQs)
Estrogens for bisphenol A and nonylphenol were higher than those
of the natural hormones and averaged from low ng/L to low μg/L concentrations. The EEQ values were determined for the target estrogens.
The mean EEQ values were below 10 ng/L for all study sites, and max
EEQ values ranged from 5.3 ng/L EEQ (Busse Lake) to 50.6 ng/L EEQ
(Cicero) (Table 2; Supplemental Table 1).
3.2. Biological endpoints
3.2.1. Somatic indices, reproductive status and histopathology
Only minor differences were observed in BCF, GSI and HSI for resident sunﬁsh or resident carp (Fig. 2). Few histopathological changes in
livers or testis were observed either in wild-caught or caged ﬁsh and
incidents of intersex were sporadic (four carp, three wild-caught pumpkinseed sunﬁsh, one caged bluegill sunﬁsh) with no obvious sitespeciﬁc trend. Hepatocyte vacuolization did not vary among ﬁsh types
in any meaningful way. Reproductive maturity as assessed by histology
was more advanced in ﬁsh caged in spring when compared to ﬁsh caged
in fall near the end of the reproductive period for this species, but not
between ﬁsh of the same species across sites during any one sampling
event. Comparing reproductive status across years would be inappropriate due to the differing environmental conditions across years.
3.2.2. Plasma vitellogenin concentrations in resident ﬁsh
In order to assess the homogeneity of estrogenic activity in the
CAWs and the occurrence of endocrine disruption as measured by the
induction of plasma vitellogenin in male ﬁsh, we grouped ﬁsh by type
(resident bluegill and pumpkinseed sunﬁsh, resident carp) and compared between systems (Salt Creek, North Shore Channel, Chicago
Sanitary & Ship Canal, Little Calumet River) using an ANOVA (Fig. 3).
There were no signiﬁcant differences in Log10VTG by system for resident sunﬁsh (F(3, 247) = 1.415, P = 0.239). Differences were found
for resident carp (F(3, 226) = 6.300, P b 0.001). Tukey's post hoc test
revealed that North Shore Channel resident carp had signiﬁcantly
higher Log10VTG levels (x = 0.418, s = 0.650) than Chicago Sanitary
& Ship Canal resident carp (x = −0.089, s = 0.582). No other signiﬁcant pair wise differences were identiﬁed.
At a higher spatial resolution, we assessed whether sites within each
system differed in the presence of endocrine disruption by comparing
each group of ﬁsh between study sites. Only few statistically signiﬁcant
differences were found in these analyses and their distribution varied
across species and type. No differences were found for either species
across sites in Salt Creek. Resident sunﬁsh exhibited a signiﬁcant difference in Log10VTG by sites within the Chicago Sanitary & Ship Canal
(F(1, 42) = 4.753, P = 0.035) with Cicero (mean = 2.445, s = 0.398)
exhibiting signiﬁcantly higher Log10VTG than Harlem (mean = 2.182,
s = 0.373). A similar relationship between these two sites was not observed for carp. Carp Log10VTG were found to be signiﬁcantly different
within the North Shore Chanel (F(1, 63) = 9.367, P = 0.003). Resident
carp at Oakton ( x = 0.640, s = 0.763) had signiﬁcantly higher
Log10VTG than at Touhy (x = 0.175, s = 0.381). No other signiﬁcant
pair wise differences were identiﬁed.
When grouping ﬁsh of one type (resident sunﬁsh, resident carp) by
upstream or downstream of the WRPs, there were no differences observed for resident sunﬁsh. In contrast, resident carp exhibited a significant difference in Log10VTG by location (upstream vs. downstream)
(F(1, 228) = 5.241, P = 0.023). Interestingly, upstream resident carp
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Fig. 3. Summary of mean plasma vitellogenin concentration (μg/mL) in male carp and sunﬁsh collected in the Chicago area waterways during the three-year study (see Table 3 and
Section 2 for additional details about individual collection events and timing). Concentrations for male carp at Touhy and Harlem were at or below the detection limit and are not
fully visible in this graph. Collection sites in each system are listed from upstream (left) to
downstream (right) with the location of the respective water reclamation plant (WRP)
indicated by the arrow.

these indices differed between systems in either spring or fall caging
events.
To assess whether seasonal environmental differences affected vitellogenin expression, we compared spring and fall caged sunﬁsh (Fig. 4D)
and documented a signiﬁcant difference in Log10VTG by season (spring
vs. fall) for caged sunﬁsh (F(1, 663) = 135.275, P b .001). Caged sunﬁsh had signiﬁcantly higher Log10VTG in the spring (x = 2.521, s =
0.405) than in the fall (x = 2.175, s = 0.362). Furthermore, results of
ANOVA indicate that there were signiﬁcant differences in Log10VTG
grouped by system for sunﬁsh caged in spring (F(4, 326) = 11,
P b 0.0001) but not in fall (Fig. 4D). Tukey's post hoc test indicated
that male sunﬁsh caged in Salt Creek or at SEPA 5 in spring had lower
Log10VTG than ﬁsh caged in the North Shore Channel, Little Calumet
River, and Chicago Sanitary & Ship Canal. Fish caged in spring in the
North Shore Channel were found to have signiﬁcantly higher Log10VTG
than in the Chicago Sanitary & Ship Canal. When grouping ﬁsh by upstream, WRP, and downstream caging site, no signiﬁcant differences
were observed for either spring or fall caging.

Fig. 2. Summary of male body condition factor (A); gonadosomatic index (B); and
hepatosomatic index (C) in resident ﬁsh collected in the Chicago area waterways in spring
2009 and 2010. An instrumentation failure prevented collection of organosomatic indices
for carp at Touhy.

had signiﬁcantly higher Log10VTG levels (x = 0.291, s = 0.688) than
downstream resident carp (x = 0.114, s = 0.453).

3.2.3. Seasonal differences in caged sunﬁsh
When grouping caged sunﬁsh by season, differences were observed
in BCF, GSI, HSI and plasma vitellogenin concentrations. The BCF was almost uniformly greater in fall then in spring (Fig. 4A) while the GSI
exhibited a reverse seasonal trajectory (Fig. 4B). In contrast, HSI, while
frequently different between seasons at the same site, was lower in
spring than in fall in the Salt Creek watershed, varied between sites in
the other three systems and differed little at SEPA 5 (Fig. 4C). None of

3.2.4. Correlations between somatic indices, gonadal development and
plasma vitellogenin concentrations
The results of the multiple regression (Log10VTG = 2.415 +
0.019(BCF) − 0.062(GSI) − 0.024(HIS)) indicated that BCF, GSI, and
HSI do not trend meaningfully with vitellogenin (r2 = 0.033, r2adj =
0.018) for resident sunﬁsh (F(3, 200) = 2.242, P = 0.085).
Similarly, the zero-order correlations between Log10VTG and the predictors used in this analysis (BCF, GSI and HSI) for caged sunﬁsh are all
very low (r = −0.137, r = 0.078, and r = 0.205, respectively). The
model (Log10VTG = 2.545 − 0.364(BCF) + 0.036(GSI) + 0.306(HSI))
is statistically signiﬁcant (F(3, 618) = 17.256, P b 0.001). However, indices of model strength indicate that the model is of little practical signiﬁcance (r2 = 0.077, r2adj = 0.073) with only 7.3% of the variability
of Log10VTG accounted for by the linear combination of predictors.
For resident carp, the assumptions of the residual analysis for multiple regression could not be met through log transformation of VTG and
outlier elimination and, as a consequence, multiple regression analysis
was not performed. Moreover, none of the zero-order Pearson correlations between the predictors (BCF, GSI and HSI) and Log10VTG were statistically or practically signiﬁcant (r = 0.101, r = −0.004, r = 0.124,
respectively).
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Fig. 4. Summary of male body condition factor (A); gonadosomatic index (B); and hepatosomatic index (C); and mean plasma vitellogenin concentrations in male sunﬁsh caged in the
Chicago area waterways. Caging data for each site are combined for spring (gray bars; 2009 and 2010) and fall (black bars; 2010 and 2011), respectively. Numbers in each column in
(A) indicate sample size. Arcs and asterisks indicate signiﬁcant differences (p b 0.05 Mann–Whitney U test for A, B, C; t-test for D) between spring and fall collections. Small letters indicate
signiﬁcant differences (p b 0.05 Kruskal–Wallis for A, B, C; ANOVA for D) between sites within a watershed in spring, capital letters indicate differences in fall.

Finally, we assessed the relationship between gonadal maturity
(gonad development) and Log10VTG in resident sunﬁsh in the spring
(r = −0.116, P = 0.073) and found no signiﬁcant relationship.
4. Discussion
This study tested the hypothesis that EEs are present throughout the
CAWs and affect resident ﬁsh populations in a complex spatial and temporal pattern that does not follow a traditional upstream–downstream
paradigm. As would be expected in an efﬂuent dominated urban system, estrogenic activity and EEs were commonly detected throughout
the system, albeit at low ng/L concentrations and in ranges similar to
those reported in the literature (reviewed in Pereira et al., 2011). The
mean EEQ values (Table 2) appeared to under-report total estrogenicity
when compared to previous studies, while the maximum EEQ values
correspond more closely with results from previous studies for efﬂuent
impacted aquatic environments (Barber et al., 2011b; Brooks et al.,
2006; Tanna et al., 2013; Vajda et al., 2008). Consequently, male sunﬁsh
and carp collected from several waterways in the CAWs exhibited subtle
physiological changes that were consistent with exposure to EEs. Specifically, resident male carp in the North Shore Channel, the receiving
waterway for the O'Brien WRP efﬂuent were found to contain higher
plasma vitellogenin concentrations than male carp from other study
sites. These data corroborate two previous studies (Barber et al.,
2011b; Lozano et al., 2012), which identiﬁed EEs in the North Shore

Channel with a combined EEQ (12–29 ng E2/L) well within the range
assumed to induce vitellogenin biosynthesis in ﬁsh (Brian et al., 2005;
Sumpter et al., 2006; Vajda et al., 2008). Cell-based analyses conducted
on water samples collected at these locations throughout 2009 and
2010 also indicate that estrogenic activity may be sufﬁcient to exert biological effects (Supplemental Table 1; Martinovic-Weigelt et al., 2013–
this issue). Even so, EEQ estimates generated by cell-based assays, in the
absence of extensive analytical chemistry analyses, should not be
interpreted as absolute measurements of estrogenic activity. Instead,
these data provide a reliable indication of the relative presence of EEs
in the CAWs, and are thus fully appropriate for comparing concentrations between study sites. Resident sunﬁsh did not exhibit differences
in plasma vitellogenin concentrations between waterways. In contrast,
sunﬁsh caged in spring in the North Shore Channel had higher mean
plasma vitellogenin concentrations than caged sunﬁsh in the Chicago
Sanitary & Ship Canal or Salt Creek. This is congruent with prior cellbased estrogenicity measurements, which show that mean estrogenic
activity at the Oakton site was high (mean EEQs = 34 ng/L; Supplemental Table 1) (Martinovic-Weigelt et al., 2013–this issue) although
this was not reﬂected in the chemical analysis (Table 2). At eight of
nine sites where resident sunﬁsh were collected concurrently with
caged bluegill sunﬁsh, mean plasma vitellogenin concentrations in
caged male sunﬁsh were lower than in the resident sunﬁsh. Several alternative or cumulative factors may account for these differences. Resident ﬁsh likely were present in the area of collection for a longer time as
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males were collected during the reproductive season when their site ﬁdelity is highest (Bartlett et al., 2010; Ehlinger, 1990; Paukert et al.,
2004) thus being exposed to greater cumulative EE exposure. Alternatively, males may have been attracted to sources of EEs and received
higher short-term EE exposures as a result of the forays. Attraction to
contaminant-laden efﬂuents has been demonstrated for ﬁsh in simulated urban environments (Tierney et al., 2011) and maladaptive habitat
choice is a well-recognized phenomenon in ecology (Kristan, 2003) although determining whether this behavior occurred in the CAWs was
beyond the scope of the current study. This ﬁnding is also consistent
with previously published studies by Hyndman et al. (2010) who
noted that temporal differences in estrogenic exposure duration and
potency of male fathead minnows resulted in several treatments not
reaching maximum (positive control) plasma vitellogenin concentrations. Interestingly, Peck et al. (2011) noted statistically signiﬁcant differences in plasma vitellogenin concentrations of wild salmon
compared with hatchery-reared salmon despite both groups having resided in the same environment for similar lengths of time.
Caldwell et al. (2012) derived predicted-no-effect-concentrations
(PNECs) for estrone (E1), 17β-estradiol (E2), estriol (E3), and
ethinylestradiol (EE2) in surface water to be 6, 2, 60, and 0.1 ng/L, respectively. However, given the paucity of available data, the authors
had to apply different methods to derive PNEC values which may not
fully encompass all biological responses. For example, Parrott and
Blunt (2005) reported reduced egg fertilization in fathead minnows at
EE2 concentrations below 1 ng/L. Applying a safety factor of 10
(Parrott & Blunt, 2005 derived her results from a long-term study), the
PNEC for EE2 could conceivably be lower than derived by Caldwell
et al. (2012). Although male ﬁsh routinely record low concentrations of
plasma vitellogenin as the result of exposure to natural sources of estrogenic stimulants (e.g., presence of ovulating female ﬁsh, phytoestrogens
or exogenous anti-androgens), the concentrations of any single EE measured in the waterways (excluding the WRP efﬂuent) seldom were high
enough to result in elevated plasma vitellogenin concentrations based on
published laboratory studies (Brian et al., 2005; Dammann et al., 2011;
Panter et al., 1998; Schoenfuss et al., 2008; Shappell et al., 2010; Van
den Belt et al., 2004) suggesting that the common mode of activation of
the estrogen receptor (Brian et al., 2005) may explain observed elevated
vitellogenin concentrations in caged ﬁshes in the North Shore Channel.
Trends described above for the four systems studied in the CAWs
were further corroborated when sites within each system were compared with each other. All three groups of ﬁsh (resident sunﬁsh and
carp; sunﬁsh caged in spring) exhibited intra-system variability in vitellogenin concentrations that did often not match across groups. Resident
sunﬁsh were found to have higher plasma vitellogenin concentrations
at Cicero in the Chicago Sanitary & Ship Canal compared to ﬁsh collected
further downstream at Harlem. In contrast, ﬁsh caged during spring, but
not fall, directly in the Stickney WRP efﬂuent had higher vitellogenin
concentrations compared to adjacent upstream and downstream sites.
Carp were found to have higher plasma vitellogenin concentrations
at the upstream Oakton site in the North Shore Channel while mean vitellogenin concentrations in sunﬁsh caged in spring were uniformly
high throughout the North Shore Channel. As this waterway is blindending upstream of Oakton (except for occasional controlled inﬂow of
Lake Michigan waters, Fig. 1), the higher estrogenicity may be the result
of local, unidentiﬁed sources of estrogenicity (Martinovic-Weigelt et al.,
2013–this issue). This unexpected ﬁnding, given no obvious point
source of EEs upstream of the O'Brien WRP in the North Shore Channel
is nevertheless corroborated by cell-based estrogenicity measurements
in Martinovic-Weigelt et al. (2013–this issue) (Supplemental Table 1).
The total estrogenic activity cannot be explained through the measured
water chemistry for seven common EEs (Table 2), which did not identify
elevated estrogenic activity upstream of the O'Brien WRP efﬂuent. These
ﬁndings suggest that the North Shore Channel and its recipient waterway, the North Branch of the Chicago River, are conveyors of endocrine
active compounds from diverse sources in the CAWs.

It is noteworthy that Salt Creek, the efﬂuent dominated urban
stream, consistently ranked lower in plasma vitellogenin concentrations
in resident and caged sunﬁsh than other waterways. This ﬁnding is
somewhat surprising given the much stronger upstream–downstream
gradient of efﬂuent in this small stream, which is efﬂuent dominated
for most of its course. Furthermore, the addition of efﬂuent from the
Egan WRP did not generate a strong signature in the receiving stream
with upstream and downstream ﬁsh exhibiting similar plasma vitellogenin concentrations. Cell-assay based analyses of total estrogenicity
also indicated that Salt Creek did not fully follow the expected upstream–downstream gradient as we observed very high variability in
the estrogenic activity at the upstream site including one extremely
high value (Supplemental Table 1). However, an analysis by Desforges
et al. (2010) of 43 rivers with WRP efﬂuent discharge suggests that
estrogenic effects of discharge may be localized rather than extending
signiﬁcantly downstream.
The ﬁnding of higher vitellogenin concentrations in sunﬁsh caged in
spring when compared to fall paralleled observations for total
estrogenicity (Martinovic-Weigelt et al., 2013–this issue) which identiﬁed higher estrogenic activity and concentrations in the CAWs in spring.
Lozano et al. (2012) in a previous study also documented higher loads of
the estrogenic alkylphenols (including nonylphenol) in ﬁsh tissues and
water samples collected in the North Shore Channel in the spring. Both
Lozano et al. (2012) and Barber et al. (2011b) noted an inverse relationship between water temperature (lower in the weeks leading up to
spring sampling while higher in the weeks leading up to fall sampling)
and presence of EEs in the North Shore Channel. The increased concentrations of EEs in the cooler spring waters are likely a result from decreased microbial activity in the weeks preceding our water and ﬁsh
collections, and consequently, less degradation of the EE compounds.
The observed higher estrogenic activity and vitellogenin concentrations
during the spring may also be explained in part by seasonal effects on
the concentration of estrogen receptors (e.g., Figueroa et al., 1997;
Hernández et al., 1992). The consistency of seasonal differences in EE
presence, estrogenic activity and biological response is noteworthy as
it should inform experimental designs of future studies to either capture
a representative mean or maximum exposure to EEs in urban aquatic
ecosystems.
The efﬂuent from the O'Brien WRP was found to have the highest
chemical based EEQ values of the four WRPs followed by the Calumet
WRP. This ﬁnding differed from that of cell-based assays and biological
ﬁndings especially for sunﬁsh caged in spring, where Stickney had the
highest estrogenic activity, followed by the O'Brien and Calumet WRPs
which were quite similar (mean EEQs were 7 and 8 ng/l for these two
efﬂuents) (Supplemental Table 1). Nevertheless, given the high level
of variation in the estrogenic activity as detected by cell based assay, observed discrepancies are to be expected as estrogenicity estimates are
based on grab samples collected at different times and not necessarily
reﬂective of the exposure conditions of ﬁsh collected as part of this
study. In contrast, the Egan WRP had by far the lowest EEQ and
conﬁrmed the biological observation of low estrogenic activity in Salt
Creek. Furthermore our cell-based assays estimated activity of this
WRP to be 4.2 EEQs, the lowest of the four WRP efﬂuents investigated
in this study (Supplemental Table 1). However, the O'Brien WRP appears to be not the only pathway by which estrogenic activity enters
the North Shore Channel and subsequently the North Branch of the
Chicago River. Estrogenic activity further increased beyond the O'Brien
WRP and reached the highest activity at the Cicero site — just upstream
of the Stickney WRP efﬂuent discharge in the Chicago Sanitary & Ship
Canal. Several urban sources and pathways of EEs into the CAWs are obvious in even a cursory survey. Combined sewer overﬂow events are
common in the CAWs, occurred many times during this three-year
study (Minarik et al., in press), and have been shown to be potent
sources of hormones and wastewater micropollutants (MartinovicWeigelt et al., 2013–this issue; Phillips et al., 2012). The reduction and
ultimate elimination of combined sewer overﬂow events are a priority
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of the Metropolitan Water Reclamation District of Greater Chicago, the
agency operating the WRPs in the CAWs, and have been pursued for
several decades. Chicago also was the home to heavy industry for
many decades, and abandoned heavy manufacturing and industrial
sites are commonly found through the Chicago area potentially leaching
legacy contaminants into the receiving waterways. Finally, the abundance of impervious surfaces in a densely populated urban environment
generates substantial runoff during snow melt and rain events resulting
in direct discharge of a complex mixture of chemicals into receiving waterways (Martinovic-Weigelt et al., 2013–this issue).
Despite the widespread occurrence of estrogenic activity and the
statistically signiﬁcantly higher plasma vitellogenin concentrations
in male carp collected in the North Shore Channel (vs. carp in other
studied waterways) and resident male sunﬁsh at Cicero (vs. Harlem
sunﬁsh), histopathological changes were largely absent. This ﬁnding is
consistent with Tetreault et al. (2012), but is in contrast to previous
studies of resident ﬁsh in efﬂuent dominated systems (Jobling et al.,
1998; Tanna et al., 2013; Vajda et al., 2008, 2011; Woodling et al.,
2006). Those studies reported widespread occurrence of histopathological changes including the presence of ovarian tissues in male reproductive organs (intersex). The paucity of intersex in the species analyzed in
the current study was previously demonstrated (Bahamonde et al.,
2013; Hinck et al., 2009) and may be the combined result of methodological and biological differences between studies. The larger size of reproductive organs in sunﬁsh and especially carp when compared to
roach (Rutilus rutilus; Jobling et al., 1998), fathead minnows (Pimephales
promelas) and white suckers (Catostomus commersoni; Vajda et al.,
2008, 2011; Woodling et al., 2006) results in a less comprehensive
assessment of the entire organ by histological imaging (as discussed in
Blazer et al., 2007). To reduce the probability of a Type II error (the failure to detect the presence of existing intersex) we employed a larger
sample size of male ﬁsh (mean of 15.6 male ﬁsh/species/collection
event) than has been used in previous studies albeit examining smaller
sections of tissue per ﬁsh.
Particularly interesting in the context of environmental studies of
the effects of EES are the divergent histopathological ﬁndings across
studies and species. In an analysis of ten years of ﬁsh histopathology
data across sixteen species of ﬁsh, Hinck et al. (2009) did not observe
intersex in white sucker (n = 19 ﬁsh analyzed) and male carp (n =
774), while male largemouth bass (Micropterus salmoides; n = 390)
and male smallmouth bass (Micropterus dolmieu; n = 70) exhibited
18% and 33% intersex, respectively. Yet at no one site did any two collected ﬁsh species exhibit intersex concurrently. In contrast, a series of
studies found that a white sucker population in Boulder, CO, downstream (but not upstream) of a wastewater treatment facility was comprised of 18–22% intersex males (Vajda et al., 2008; 11 of 57 males
collected from the efﬂuent site were found to have intersex). Similar to
Hinck et al. (2009), Palace et al. (2009) also found no intersex in white
sucker in an EE exposed lake in the presence of 45% intersex male
fathead minnows. Furthermore, while no intersex was observed in
male carp by Hinck et al. (2009), intersex was induced in laboratoryexposed male carp (Gimeno et al., 1998 — two of four analyzed carp)
and also observed in several ﬁeld surveys (Baldigo et al., 2006 — one
of nine carp; Solé et al., 2002 — seven of 17 total carp analyzed; Solé
et al., 2003 — six of 31). Lastly, we observed intersex in three pumpkinseed sunﬁsh and one cage bluegill, which is consistent with intersex
induction in laboratory (Wang et al., 2008) and ﬁeld studies (Writer
et al., 2010) but not with a recent review (Bahamonde et al., 2013).
These seemingly contradictory ﬁndings across studies may suggest biotic or abiotic site-speciﬁc factors as confounding variables that would
beneﬁt from further study. In Boulder Creek (Vajda et al., 2008, 2011;
Woodling et al., 2006) a dam limits upstream movement of white
suckers but provides easy passage of young of the year from pristine
upstream sites to efﬂuent-dominated downstream reaches. This may
generate “source” and “sink” populations in which source populations
provide young of the year to reproductively impaired sink populations,
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thus resulting in a scenario in which each generation is newly exposed
to endocrine active compounds. In contrast, the CAWs are largely a
closed system with many subsequent generations of ﬁsh residing in an
efﬂuent dominated environment. Although the biological quality has
been improving over the past decades as is evident by over 70 sustained
ﬁsh populations within its waters, the continued pollutant load may
exert a selective pressure favoring subpopulations less sensitive to estrogenic endocrine disruption (Theodorakis, 2003; Whitehead et al., 2003).
However, the kinetics of vitellogenin induction and intersex are likely
very different (as discussed by Gimeno et al., 1998). Insensitivity to
one biomarker may not necessarily imply insensitivity to another biomarker of environmental estrogen exposure. It is evident from this discussion that more research is needed to acquire a comprehensive
understanding of the totality of biotic and abiotic factors required to induce intersex in male ﬁsh under environmental conditions.
The lack of correlation between somatic indices in ﬁsh (BCF, GSI,
HSI) and plasma vitellogenin concentrations in resident or caged ﬁsh
matches observations in some previous studies which found little or
no correlation between endpoints traditionally measured in ﬁsheries
studies and plasma vitellogenin concentration (Writer et al., 2010). In
contrast Jeffries et al. (2010) reported negative correlations between
plasma vitellogenin concentrations and GSI as well as HSI in male
longnose dace (Rhinichthys cataractae) in two Canadian rivers receiving
estrogenic treated wastewater efﬂuent. The use of a histologically derived gonad maturity index did not correlate meaningfully with plasma
vitellogenin concentrations in the current study even though it could be
argued that gametogenesis should be more rapidly affected by endocrine disruption than the manifestation of gonad pathology. Interestingly, Environment Canada, whose approach to environmental effects
monitoring of pulp and paper mill efﬂuent discharge (Water et al.,
2005) we followed, has had considerable success in linking body and
organ indices to efﬂuent exposure and adverse environmental effects
across many aquatic ecosystems. It may stand to reason that riverine
systems create more predictable chemical gradients and biological signatures than the multitude of EE sources in an urban environment
with complex hydrology. Alternatively, differences in species sensitivity
(Palace et al., 2009), seasonal estrogen receptor sensitivity (Figueroa
et al., 1997; Hernández et al., 1992), or reproductive status may have
obscured any relationship between plasma vitellogenin concentrations
and body indices.
The lack of upstream–downstream trends of increased estrogenicity
is consistent with our hypothesis that multiple non-WRP sources of
estrogenic activity, in addition to established point sources (treated
WRP efﬂuent), contribute to the overall estrogenicity of the CAWs.
Similar ﬁndings have been reported by others studying complex
urbanized systems (Biales et al., in review). Our analysis also demonstrates the need for using resident and caged ﬁsh to integrate longerterm exposures into assessments of endocrine activity in complex
aquatic systems. It is noteworthy that the chemical analysis of water
samples concurred with broad trends of biological occurrence of endocrine disruption. However, the absolute values of estrogenic activity
measured at individual sites did not always match the observed biological responses further highlighting the complexity of large urban
aquatic ecosystems and the value of resident and caged ﬁsh as temporal integrators of exposure.
All of the WRPs in the CAWs employ secondary treatment with activated sludge. The resultant biosolids retain many of the EEs removed
from the treated efﬂuent and their land application may provide a secondary pathway for these compounds into the watershed. Two WRPs
(O'Brien and Calumet) are slated to upgrade to disinfection in the coming years. Disinfection has proven to be an excellent treatment to reduce
estrogenic activity of treated wastewater efﬂuent (Pereira et al., 2011;
Ternes et al., 2003) and given the combined 2.3 billion L/day (500
MGD) of efﬂuent discharged from these two plants, provide an excellent
opportunity to assess the response of an efﬂuent dominated urban
aquatic ecosystem to major infrastructure upgrades.
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5. Conclusions
Urban aquatic ecosystems sustain extensive and diverse ﬁsh populations. However, these populations are exposed to low, but persistent
concentrations of contaminants of emerging concern including EEs. Estrogenic activity as measured by analytical chemistry broadly concurred
with biological ﬁndings of elevated plasma vitellogenin concentrations
in ﬁsh, but was only loosely linked to treated wastewater efﬂuent
discharge. Together, these ﬁndings suggest that in addition to WRP efﬂuents other sources of EEs exist in these urban aquatic environments.
Further studies are needed to assess the sources and effects of nonWRP estrogenic contamination in urban aquatic ecosystems.
Supplementary data to this article can be found online at http://dx.
doi.org/10.1016/j.envint.2013.08.006.
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